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A probability-based, sediment quality assessment was conducted during 1995 in the lower St. Louis River Area
of Concern, located in western Lake Superior. A regional application of the intensified sampling grid developed
for the United States Environmental Protection Agency’s Environmental Monitoring and Assessment Program
was used to randomly select 90 sites for measuring the following sediment quality indicators: sediment chemistry,
physical parameters, sediment toxicity, and benthic macroinvertebrate community structure. Screening methods
were used to assess sediment chemistry and sediment toxicity at all sites, whereas more conventional metrics
were used at a subset of sites. In addition, sediment quality data were collected from 20 a priori training sites, 10
in low impact areas and 10 in high impact areas. Mean probable effect concentration quotients were calculated
for sediment chemistry variables at each site. As the range of mean probable effect concentration quotients
values increased, the incidence of sediment toxicity increased. Benthic data from the training sites were used
to establish standard criteria for developing two benthic integrity indices based on multimetric analysis and
discriminant function analysis. Based on the training site results, the discriminant function analysis categorized
the macroinvertebrate community at all random sites as 45 percent low impact and 55 percent high impact. A
multimetric approach categorized 55 percent of the random sites as low impact and 36 percent as high impact.
Due to the overlap of 95 percent confidence intervals, the multimetric approach also placed 9 percent of the
random sites into an indeterminate category. The incidence of high impact sites appears to be primarily due
to physical habitat characteristics. This finding was supported by the sediment quality triad assessment of 52
random sites that indicated alteration of the benthic community at 71 percent of sites was probably not due to
chemical contamination.
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Introduction

Many embayments and harbors within the Great
Lakes have been impacted by a variety of environ-
mental stressors, resulting in possible impairments due
to increased eutrophication, alteration of aquatic and
nearshore habitats, expansion of exotic species popu-
lations, bioaccumulation of persistent chemicals in fish
tissue, and fluctuating water levels. The St. Louis River
Area of Concern (AOC) is one of 41 current Great
Lakes AOCs in which impaired use criteria, identi-
fied by the International Joint Commission (IJC), have
been observed (IJC, 1989). Contaminated sediments
have contributed to several use impairments in this
western Lake Superior AOC, including the issuance
of fish advisories, restrictions on dredging, and habi-
tat impairments to bottom-feeding organisms (MPCA,
WDNR, 1992, 1995; Crane et al., 2002a). Chemicals
of potential concern in portions of the lower St. Louis
River AOC include: polycyclic aromatic hydrocarbons
(PAHs), polychlorinated biphenyls (PCBs), dioxins and
furans, diesel range organics, pesticides (e.g., DDT
metabolites, toxaphene), trace metals (copper, lead,
mercury, nickel, zinc), and tributyltin (Crane et al.,
2002a).

The IJC, through a formal protocol agreement be-
tween Canada and the United States, is charged with
reviewing the remedial action plans (RAPs) for each
Great Lakes AOC. The RAPs are being prepared
in a staged approach to evaluate impaired uses, to
develop and implement a plan for restoring benefi-
cial uses, and to evaluate the success of any reme-
dial measures that are conducted. A Stage I RAP
for the St. Louis River AOC was completed in 1992
(MPCA, WDNR, 1992), and a three-phase strat-
egy to reduce sediment-related impairments was rec-
ommended in the Stage II RAP (MPCA, WDNR,
1995).

The United States Environmental Protection
Agency’s (USEPA) Assessment and Remediation of
Contaminated Sediments Program recommends using
a weight-of-evidence approach to assess contaminated
sediment sites (Fox et al., 1994). The Sediment Qual-
ity Triad (Triad) approach is one way in which sed-
iment quality can be characterized through synoptic
chemical and physical analyses, whole-sediment tox-
icity tests, and benthic infauna community surveys
(Chapman et al., 1987,1997; Long and Wilson, 1997).
The Triad approach is effective in addressing bioavail-
ability and contaminant toxicity (Long and Chapman,
1985; IJC, 1989; Burton and Ingersoll, 1994; Canfield

et al., 1994a,b, 1996) and it is considered a com-
prehensive and ecologically relevant metric for site
characterizations. In addition, the Triad approach is
valuable for status and trends monitoring of aquatic
ecosystems because it reflects highly localized con-
ditions that are relatively static over short periods of
time.

Although the Triad approach has been applied to a
focused assessment of contaminated sites in the lower
St. Louis River AOC (Crane et al., 1997), a large scale
Triad study was needed for status and trends monitoring
throughout this AOC. The resource status information
obtained from status and trends monitoring will help
evaluate restoration efforts of impaired aquatic habitats
at several sites within the lower St. Louis River AOC,
including two Superfund sites. These restoration ef-
forts will also benefit from implementation of the lower
St. Louis River Habitat Plan (St. Louis River CAC,
2002).

One approach to determining resource status is
through statistical sampling design principles and se-
lection of appropriate status indicators employed in the
Great Lakes Environmental Monitoring and Assess-
ment Program (EMAP; USEPA, 1993). This process
provides a means for identifying and sampling the ap-
propriate number of sites to acquire the baseline infor-
mation necessary to measure progress in restoring im-
paired areas. Combining these design principles with a
comprehensive examination of the physical, chemical,
and biological characteristics of the sediments should
provide sufficient data to make sound environmental
decisions.

We previously reported on environmental influences
on benthic community structure in the lower St. Louis
River AOC as part of a Regional EMAP (R-EMAP)
investigation (Breneman et al., 2000). In this paper,
we describe other objectives of the R-EMAP project
to: determine impaired areas using the Triad approach,
provide status and trends data for evaluating sediment
quality in the lower estuary, and to provide the first
test of EMAP concepts to the Great Lakes Harbors and
Embayments resource class. This paper will describe
methods used to calculate mean probable effect con-
centration quotients (PEC-Qs) for total PAHs and/or
metals, identify sites having significant acute toxicity,
and develop two benthic indices based on multimetric
and multivariate analyses. The results from 20 a priori
training sites chosen in low and high impact areas will
be used to evaluate sediment quality conditions asso-
ciated with randomized sites throughout the lower St.
Louis River AOC.
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Materials and methods

Study area

The St. Louis River is a fifth order system that lies
on the western most expanse of Lake Superior, bor-
dering Duluth, MN and Superior, WI (Figure 1). The
confluence of the St. Louis and Nemadji Rivers with
Lake Superior forms a freshwater estuary that covers
approximately 4,856 ha. This area is comprised of nu-
merous large bays, peninsulas, and islands. Much of the
lower estuary (below the Fond du Lac dam) is character-
ized as a shallow embayment (∼2 m depth) consisting
of over 166 km of shoreline. The lower estuary culmi-
nates in the Duluth-Superior Harbor, which is one of the
most heavily used ports in the Great Lakes basin. The
only habitats within the lower estuary reaching depths
greater than 2 m are the St. Louis River natural chan-
nel (i.e., non-maintained portion of the St. Louis River
channel upstream to Fond du Lac, MN), several com-

Figure 1. The St. Louis River Area of Concern (AOC) longitudinally delineated into distinct habitat areas based on ecological conditions and
anthropogenic modification. Moving from upstream to downstream the areas include; 3) St. Louis River, 4) Spirit Lake, 5) Duluth/Superior
Harbor, 6) Superior Bay, and 7) Allouez Bay.

mercial boat slips and marinas, deep holes resulting
from the excavation of gravel in the harbor, portions of
Superior Bay, and designated navigation channels (St.
Louis River CAC, 2002). About 114,700 m3 of sedi-
ments are dredged annually from the navigation chan-
nels, primarily in the outer harbor (USACE, 1997).

The lower estuary supports a variety of indus-
trial, commercial, residential, and recreational activ-
ities. In addition, these areas provide essential habitats
for aquatic organisms and aquatic-dependent wildlife
species. However, aquatic habitats in some of these
areas have been adversely affected by economic de-
velopment of the St. Louis River over the past 130
years. A number of point and nonpoint sources of nu-
trients and chemicals of potential concern to the St.
Louis River AOC were identified during the Stage I
RAP (MPCA, WDNR, 1992). A mixture of elevated
sediment contaminants have been observed in sev-
eral localized areas, especially at the Interlake/Duluth
Tar and USS Superfund sites in the inner Duluth
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Harbor (Schubauer-Berigan and Crane, 1997; IT Cor-
poration, 1997; URS Corporation, 2002). Other areas
with elevated sediment contamination in the Duluth-
Superior Harbor include Hog Island Inlet/Newton
Creek (Redman and Janisch, 1995; SEH Inc., 2000,
2003), as well as several boat slips, areas adjacent to
wastewater treatment plants, and other areas with his-
torical sources of contaminants (Crane et al., 1997;
Schubauer-Berigan and Crane, 1997; Crane, 1999;
Crane et al., 2002b).

Experimental design and site selection

Our experimental design used a set of a priori se-
lected sites (training sites) to classify a set of random
sites that were selected following a randomized sam-
pling design based on the format used in the Great
Lakes EMAP system (USEPA, 1993). The randomly
selected sites provided a means for generally character-
izing condition of the region. The training sites (10 low
impact and 10 high impact) were chosen in an attempt to
categorize the best and worst case sediment quality con-
ditions existing in the lower estuary. Training sites were
selected based upon previous sediment quality stud-
ies of the region (MPCA, WDNR, 1992; Schubauer-
Berigan and Crane, 1996, 1997; Crane et al., 1997)
and upon the best professional judgment of local re-
source professionals. Much of this professional judg-
ment about local sediment quality and habitat condi-
tions has been documented in the lower St. Louis River
Habitat Plan (St. Louis River CAC, 2002).

Random sites were chosen based on the National
Oceanic and Atmospheric Administration (NOAA)
shipping chart for the Duluth-Superior Harbor which
was digitally categorized into shallow (water depth
<5.5 m) or channelized (>5.5 m in depth) habitats.
A 49-fold enhancement of the Great Lakes EMAP
grid was applied to accessible areas, and the number
of sites evaluated within each habitat class was based
on the total surface area represented by that particu-
lar class. Ninety sample site locations were randomly
selected from the resulting hexagonal grid, with each
site positioned by a latitudinal and longitudinal coor-
dinate. Sixty random sites were located in the shallow
habitat class, while 30 random sites were located in
the channel habitat of the federal navigation channel.
Sites were stratified into shallow and channel due to
known influence of this physical feature on sediment
conditions.

To aid in summarizing results, site locations within
the St. Louis River AOC were also delineated, upstream
to downstream, into five areas (Figure 1). As described

in the following sections, not all of the metrics for these
indicators were measured at all sites. Instead, screen-
ing methods were used to develop a short-list of sites
for running comprehensive sediment toxicity tests and
chemical analyses.

Sediment sampling

All sediment samples were collected during a 30
d period, beginning in June 1995 as described by
Breneman et al. (2000). In brief, composited sediment
samples of the upper 5 cm depth interval were split for
sediment chemistry analyses, physical measurements,
and sediment toxicity tests. Field replicates for sed-
iment chemistry, particle size, and sediment toxicity
were collected at approximately every 10 sites, for a
total of 11 replicates (8 random sites and 3 training
sites). Benthic macroinvertebrates were sampled at the
same time in triplicate using a 0.023 m2 petite Ponar
grab sampler (Breneman et al., 2000). The storage
and processing of sediment samples are described in
Breneman et al. (2000). A Global Positioning System
was used to determine latitude and longitude coordi-
nates (Breneman et al., 2000). Water depth and the
depth of soft sediments were also measured at each site
(Breneman et al., 2000). Sediment samples were col-
lected from all 20 training sites for sediment chemistry,
particle size, sediment toxicity, and benthic macroin-
vertebrates. From the original 90 random sample loca-
tions, sediment chemistry and Microtox©R samples were
obtained and analyzed for 87 sites, including 58 shallow
and 29 channelized habitats. Cohesive sediment sam-
ples could not be obtained from three random sample
sites because the substrates were composed of uncon-
solidated sand and gravel. Extra sediment samples were
also collected at all 87 sites for possible use in 10 d sedi-
ment toxicity tests. Benthic macroinvertebrate samples
were collected from 89 random sites.

Sediment chemistry and physical parameters

The procedures for analyzing sediment samples for
sediment chemistry and physical parameters were de-
scribed in detail in Breneman et al. (2000). In brief, si-
multaneously extractable metals (SEM, sum of Cd, Cu,
Ni, Pb, Zn concentrations in µmol g−1), acid volatile
sulfide (AVS), mercury, percent total organic carbon
(TOC), KCl-extractable ammonia, screening PAHs (as
measured using a fluorescence procedure; Peterson
et al., 2002), and particle size (six size classes) were
measured on sediment from all random and training
sites. The following PAH compounds were measured
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by GC/MS-SIM on 42 random and 9 training site
samples: acenaphthene, acenaphthylene, anthracene,
benz(a)anthracene, benzo(b)fluoranthene, benzo(k)-
fluoranthene, benzo(g,h,i)perylene, benzo(a)pyrene,
chrysene, dibenz(a,h)anthracene, fluoranthene, fluo-
rene, indeno(1,2,3-cd)pyrene, naphthalene, perylene,
phenanthrene, and pyrene. The analysis of PCBs,
by the immunoassay method, was dropped from this
study because a comparison of the results of PCBs
measured by GC/ECD in an earlier contaminated
sediment survey of the Duluth-Superior Harbor
(Schubauer-Berigan and Crane, 1997) indicated that
approximately 90% of the sites sampled were below
the detection limit of the immunoassay method.

Low molecular weight (LMW) PAHs were calcu-
lated as the sum of the dry weight concentrations
of acenaphthene, acenaphthylene, anthracene, fluorine,
naphthalene, and phenanthrene (2-methylnaphthalene,
the other LMW PAH, was not measured in this
study). High molecular weight (HMW) PAHs were
calculated as the sum of the dry weight concentra-
tions of benz(a)anthracene, benzo(a)pyrene, chrysene,
dibenz(a,h)anthracene, fluoranthene, and pyrene. Total
PAHs were calculated as both the sum of the LMW and
HMW PAHs (TPAH12) and as the sum of the 17 PAHs
measured in this study (TPAH17).

A statistical summary of the dry weight concentra-
tions of individual PAHs and TPAHs17 was completed
by calculating the arithmetic mean and standard de-
viation of random samples in each habitat class. In
addition, the range of low and high values was de-
termined for each habitat class. A t-test (α = 0.05)
was conducted on the mean TPAH17 concentrations in
the shallow and channelized habitats using SigmaStat©R

Version 3.0. Ratios of phenanthrene/anthracene and
fluoranthene/pyrene were calculated for each sample,
and the arithmetic mean and standard deviation were
determined for the random samples in each habitat
class. The percentage composition of individual PAHs
was calculated by normalizing the individual PAH
concentrations by the TPAH17 value for each habi-
tat class, and multiplying the result by 100. Sum-
mary statistics of the arithmetic mean, standard de-
viation, and range were determined for both habitat
classes.

Chemical and physical parameter data from all ran-
dom sites were pooled together for conducting linear
regression analyses using SigmaPlot©R 8.0. Ninety-
five percent confidence intervals and prediction in-
tervals were plotted, but no data points exceeding
these intervals were excluded from the regression
analyses.

Mean probable effect concentration
quotients (PEC-Qs)

A subset of the sediment chemistry data were com-
pared to Level II sediment quality targets (SQTs)
adopted for use in the St. Louis River AOC (Crane et al.,
2000, 2002a). The Level II SQTs are intended to iden-
tify contaminant concentrations above which harmful
effects on sediment-dwelling organisms are likely to
be frequently (i.e., ≥75%) or always observed. Most of
the Level II SQTs were composed of consensus-based
probable effect concentrations (PECs; MacDonald
et al., 2000). The PEC values were determined to be re-
liable if the predictive ability was ≥75% for ≥20 sam-
ples (MacDonald et al., 2000). The predictive ability
of the numerical SQTs was evaluated using the match-
ing sediment chemistry and toxicity data set for the St.
Louis River AOC as described in Crane et al. (2000,
2002a). This evaluation involved determination of the
incidence of toxicity to amphipods (Hyalella azteca)
and midges (Chironomus dilutus, formally known as
C. tentans) within five ranges of Level II SQT quotients
(i.e., mean PEC quotients, PEC-Qs). The incidence of
toxicity was determined based on the results of 10 d
toxicity tests with amphipods (endpoints: survival and
growth) and 10 d toxicity tests with midges (endpoints:
survival and growth). For both toxicity tests, the inci-
dence of toxicity increased as the mean PEC-Q ranges
increased. Thus, the predictive ability of the Level II
SQTs (through the use of mean PEC-Qs) was improved
when the SQTs for the various chemicals of potential
concern were used together to classify sediments from
the St. Louis River AOC (Crane et al., 2000, 2002a).

For this study, an evaluation was conducted to deter-
mine the incidence of toxicity and incidence of high im-
pact sites (based on macroinvertebrate indices) within
the following ranges of mean PEC-Qs: ≤0.1, >0.1 to
≤0.5, >0.5 to ≤1.0, >1.0 to ≤5.0, and >5.0. These
ranges were analogous to the mean PEC-Q ranges used
by Ingersoll et al. (2001) and Crane et al. (2000, 2002a)
to evaluate the predictive ability of freshwater sediment
quality guidelines and SQTs. In this evaluation, mean
PEC-Qs were calculated using the methods that were
recommended by Ingersoll et al. (2001) and outlined
in Crane et al. (2000, 2002a). In brief, mean PEC-Qs
were calculated as follows:

PEC-Q = chemical concentration (dry wt.)

corresponding PEC value

mean PEC-Q = (mean PEC-Qmetals + PEC-QTotal PAHs

+ PEC-QTotal PCBs)/n
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where n = number of classes of chemicals for which
sediment chemistry data were available (i.e., 1 to 3).

Only the metals (i.e., arsenic, cadmium, chromium,
copper, lead, nickel, and zinc) for which reliable Level
II SQTs were available were used to calculate mean
PEC-Qs (Crane et al., 2000, 2002a). As a conserva-
tive estimate, SEM concentrations were assumed to be
equivalent to total metal concentrations for Cd, Cu,
Ni, Pb and Zn. This assumption was based on eval-
uating a sediment quality data set for the Mississippi
River (Canfield et al., 1998) in which both SEM and
total metals were measured. For each sample, the ra-
tios of the SEM and total concentration for each of
the five metals were calculated (D. MacDonald, pers.
comm., 2004). The average ratio was then calculated
for each metal. The results of these analyses showed
that the ratios for the various metals averaged about
70 to 75%, which was considered within the range of
analytical variability. Thereafter, SEM and total met-
als were treated as functionally equivalent in a North
America-wide database of matching sediment chem-
istry and toxicity data (i.e., the SEDTOX database;
(Field et al., 2002; MacDonald et al., 2002)).

The PEC for total PAHs was used in the calcula-
tion to avoid double counting the individual PAH PEC
values (MacDonald et al., 2000). Since PCBs were not
measured in this study, the mean PEC-Q values were
based on two classes of chemicals.

Descriptive statistics of mean PEC-Q values for
the random sites (shallow and channelized habitats)
and training sites (low impact and high impact) were
conducted using SigmaStat©R Version 2.0. A Kruskal-
Wallis one way analysis of variance (ANOVA) on ranks
of median mean PEC-Qs was conducted on the four
groups of sites since the normality test failed (p <

0.001) for conducting an ANOVA on mean PEC-Qs for
these groups. A pairwise multiple comparison (Dunn’s
Method) was used to isolate the group or groups that
differed from the others.

Toxicity testing

Microtox©R tests: Two Microtox©R acute toxicity
screening assays were conducted on all random and
training site sediment samples: 1) the solid-phase test,
and 2) a 90% pore water screening test. Both the solid-
phase and pore water assays measure the reduction
in bioluminescence of the marine bacteria Photobac-
terium phosphoreum. For the solid-phase test, methods
followed those described in Brouwer et al. (1990) and
Tung et al. (1990). Bacteria were directly exposed to an
aqueous sediment suspension for 20 min., after which

the P. phosphoreum were separated from the sediment
by a filter column. The filtrate was then analyzed using
the Microtox©R toxicity meter (model M500). Data from
the test were expressed as an EC50, which is defined as
the effective concentration of a sample that causes a
50% reduction in luminescence relative to the control.
Samples producing an EC50 less than 0.5% (±0.05%)
sediment were considered toxic. The 90% pore water
screening test followed the methods described in the
product manual (Microbics Corp., 1994). Pore water
was prepared by centrifugation and was frozen until
time of analysis. Tests were read at 5 and 15 min. A re-
duction in light output of 20% (±0.5%) or greater rel-
ative to the controls was considered a toxic response.
The criteria chosen for toxic responses in both tests
were based on technical discussions with staff from
Microbics Corp.

Ten-day sediment toxicity tests: The results of the
solid-phase and pore water Microtox©R tests were used
to screen sediment samples for 10 d sediment toxicity
tests. Sediment toxicity tests were run on a proportion
of the samples that displayed a toxic response in both
Microtox©R tests (100%), in only the solid-phase test
(74%), and in only the pore water test (71%). To re-
duce the chance of missing toxic samples due to false
negative results, sediment toxicity tests were run on
41% of sites displaying nontoxic responses in both
Microtox©R tests. In all, ten-day sediment toxicity tests
were conducted on fourteen training sites (all in shal-
low areas) and fifty-two random sites (36 shallow and
16 channelized habitat sites). The test organisms were
H. azteca (7 to 14 d old) and C. dilutus (third instar or
younger, with at least 50% of the organisms at third in-
star). Survival endpoints were compared to organisms
similarly exposed to control sediment collected from
West Bearskin Lake (Cook County, MN; Ankley et al.,
1994a,b). The test organisms were exposed to sediment
samples in a portable, mini-flow system (Benoit et al.,
1993; USEPA, 1994) using modified procedures of
USEPA (1994) and Crane et al. (1997). The test appara-
tus consisted of 300-ml glass beakers held in a glass box
supplied with water from an acrylic plastic headbox.
The test set-up could accommodate a batch of replicates
for the control and up to 11 test sediments for each of
the H. azteca and C. dilutus tests, which were run con-
currently. In order to conduct the 66 sediment toxicity
tests for this study, seven batches of tests were run.

For each batch of toxicity tests, sediments were ho-
mogenized by hand, and about 100 ml of sediment
was added to a 300-ml test beaker. Each sediment
test was set up with four replicates of H. azteca and
four replicates of C. dilutus. Approximately 170 ml of
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aerated, artesian well water was added to each beaker,
and the sediments were allowed to settle from two hr
to overnight. The test period began when ten individ-
ual organisms were randomly added to each beaker.
Tests were conducted at 23◦C on a 16L:8D photope-
riod. Each day, two liters of aerated, artesian well water
were exchanged through each glass box via the head-
box delivery system. Hyalella azteca were fed 1 ml of
yeast-cerophyll-trout chow (YTC) each day, whereas
C. dilutus were fed 1 ml of Tetrafin daily. Tempera-
ture, pH, and dissolved oxygen were measured in each
treatment daily in the overlying water of one replicate
beaker. Similarly, conductivity was measured on days 0
and 10 for the last two batches of toxicity tests. At test
termination, test sediment was sieved through a 425
µm mesh screen and all organisms removed. Organ-
isms not accounted for were presumed to be dead, and
percent survival was determined. The removed C. dilu-
tus for each treatment were placed in aluminum weigh-
ing pans, dried at approximately 100◦C for at least 4 h,
desiccated to room temperature, and weighed.

A 96 h reference toxicant (NaCl) test was run in
conjunction with each batch of toxicity tests to deter-
mine the condition and sensitivity of the H. azteca cul-
ture (USEPA, 1994). Comparable reference toxicant
(NaCl) tests, using C. dilutus, were run with the last
two batches of toxicity tests.

The 10 d survival data were statistically analyzed
using TOXSTAT (Gulley and WEST, Inc., 1994). All
survival data were expressed as a proportion and trans-
formed using an arc sine-square root transformation
prior to analysis. The Shapiro-Wilk’s test for normal-
ity and Bartlett’s test for homogeneity of variance were
run on the transformed data. Next, an Analysis of Vari-
ance (ANOVA) was conducted. Statistical guidelines
given in USEPA (1994) and Gilbert (1987) were used
to select the most appropriate parametric or nonpara-
metric one-tailed statistical test. A sample was consid-
ered toxic when mean percent survival was significantly
lower (p = 0.05) than the corresponding response in
the control sediment. Due to a quality assurance/quality
control issue, the growth data were not analyzed. The
LC50 values for the reference toxicant tests were deter-
mined by the Trimmed Spearman-Karbar Method.

Benthic macroinvertebrates

Benthic habitats in the St. Louis River AOC were ex-
amined by evaluating macroinvertebrate abundance at
89 randomized sites. Benthic community structure and
functional assemblages associated with the St. Louis
River AOC were compared to the 10 best available

(low impact) sites, as well as 10 impaired-use (high
impact) sites occurring throughout the harbor. Exper-
imental design, collection techniques for all sample
types, and laboratory processing procedures are de-
scribed by Breneman et al. (2000). In summary, benthic
samples were collected in triplicate using a petite Ponar
dredge. Macroinvertebrates were sorted by hand, sub-
jected to QA/QC protocols, identified to genus when-
ever possible, and total numbers/sample determined.

Benthic invertebrate data were used to generate a
set of 21 biological metrics that described the macroin-
vertebrate community (Table 1). Biological metrics
used to develop an overall score reflect the trophic
status, functional feeding group distribution, behav-
ioral attributes, and taxonomic classifications associ-
ated with the benthic community. Information to assign
invertebrate community characteristics was taken from
ecological texts (Hilsenhoff, 1981; Wiederholm, 1983;
Brinkhurst, 1986; Thorp and Covich, 1991; Merritt and
Cummins, 1996). Benthic sediment samples from a sin-
gle site at the mouth of the Superior entry in Allouez
Bay were abandoned due to an inability to capture sed-
iment particles. Invertebrate data from two sites that
lacked corresponding sediment chemistry and toxicity
data were also excluded from further analysis.

Table 1. Biological metrics created from the benthic macroinverte-
brates collected in the lower St. Louis River AOC.

Biological metrics

Abundance values
(no. m−2)

Taxonomic richness
per site

By Taxonomic Group By Mechanistic Behavior
Amphipoda Burrowers
Chironomidae (Diptera) Climbers
Diptera Clingers
Ephemeroptera Sprawlers
Isopoda
Mollusca By Habitat Preference
Oligochaeta Obligate Depositional
Polychaeta Taxa
Trichoptera Obligate Erosional Taxa

Mean Number of Taxa
By Trophic Group

Carnivores
Detritivores
Herbivores
Omnivores

Total Macroinvertebrates
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Two methods were used to classify random site sed-
iment conditions based on macroinvertebrate commu-
nity comparisons with training site results. The first
method utilized a modification of a multi-metric ap-
proach described by Gerritsen (1995). Metrics have
been used extensively with fish and benthic commu-
nities (Barbour et al., 1995) and are encouraged by the
US EPA as a means of developing biological indicators
for evaluating aquatic system health and sediment qual-
ity (Barbour et al., 1999). The second method utilized
a multivariate procedure (discriminant function anal-
ysis; SAS, 1988) to classify the random sites based
on the community structure associated with the best
available conditions as described by Reynoldson et al.
(1997). For this study, the calibration procedure for
establishing reference conditions was modified. The
technique of using the best available conditions from
among all sites sampled was simply replaced with a
separate training site data set. This technique was used
to quantitatively assign an upper boundary from low-
impact sites and a lower boundary from high-impact
sediments within the harbor.

Figure 2. Benthic macroinvertebrate variables used to create biological index scores for sample sites throughout the St. Louis River Area of
Concern (AOC). Variables expressed are means ± one standard error based on results of Student’s t-Tests (p < 0.1). a) Includes the relative
abundance (as percent of total abundance) of Oligo = Oligochaeta, Tricho = Trichoptera, Ephem = Ephemeroptera, Depo Taxa = taxa
associated with depositional sediments. b) Represents the total number of burrowing taxa (burrowers), clinging taxa (clingers), sprawling
taxa (sprawlers), and total taxa between high and low impacted sites.

Multimetric biotic index

The 21 biological community metrics (Table 1) were
subjected to t-tests to determine whether significant
(p ≤ 0.1) differences existed between the 10 low im-
pact and 10 high impact sites. Metrics were first trans-
formed to meet equality of variance assumptions, and
a significance level of p = 0.1 was used to include as
many metrics as possible in the final score. Only met-
rics that distinguished between low-impact and high-
impact sites (Figure 2) were retained for further index
development.

Biotic scores were constructed by assigning individ-
ual rankings for each random site based on a metrics
distribution within the boundaries set by the training
site data. Specifically, random site data were plotted
among the means and 95% confidence intervals (CI)
from both the low-impact and high-impact site results.
Rankings were assigned as follows; 1) metric values
greater than the lower 95% CI from the low-impact
sites were assigned a score of ‘5,’ 2) metric values
less than the upper 95% CI for high-impact sites were
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Figure 3. Ranking method used to generate scores (‘5,’ ‘3,’ or ‘1’)/site for each metric included in the overall biotic index. Figure represents
one (e.g., total aquatic taxa) of the eight metrics used to create a total score/sample site. Box plots represent ranked score distribution plus or
minus the 95% confidence interval. Designated categories of low impact, indeterminate, and high impact are assigned to each random site
based on comparisons to the training site values.

assigned a score of ‘1,’ and 3) when the lower 95%
CI for the low-impact sites overlapped with the upper
95% CI for the high-impact sites for a particular met-
ric, a third category was created (Figure 3). A random
site value plotted between those intervals was assigned
a score of ‘3.’ Ranked scores for eight metrics, those
that originally showed a significant difference between
low and high-impact sites, were then summed to ob-
tain an overall boundary for determining distribution
of random site scores (Figure 4).

Total biotic scores for each random site were then
plotted against the means and 95% CI established from
the total biotic scores of the low and high-impact sites.
Random sites then received a categorical classification
based on the same method used to develop a single
metric. Total score summaries used categorical names
(low-impact, indeterminate, high-impact) instead of a
‘5,’ ‘3,’ or ‘1’ score (Figure 4).

Results

Sediment chemistry and physical parameters

Summary statistics for sediment chemistry parame-
ters (i.e., predicted and measured PAHs, [SEM]-[AVS],
TOC, KCl-extractable ammonia) and physical vari-

ables (i.e., water depth, soft sediment depth, particle
size ranges, median particle diameter) were grouped in
Breneman et al. (2000) according to longitudinal loca-
tion and habitat class within the St. Louis River AOC.
An evaluation of a fluorometric screening method for
predicting total PAH concentrations in sediment sam-
ples from this study was provided in Peterson et al.
(2002). No upstream to downstream trends in sediment
chemical concentrations were evident (Breneman et al.,
2000). However, shallow habitats had the highest mean
concentrations for predicted and measured total PAHs
and % TOC, as well as negative [SEM]-[AVS] val-
ues (Breneman et al., 2000). Channelized habitats con-
tained the highest KCl-extractable ammonia concentra-
tions and, on average, near zero [SEM]-[AVS] values
(Breneman et al., 2000). Some upstream to downstream
trends were evident in physical variables among the site
locations as described in Breneman et al. (2000).

The distribution of individual PAHs, as well as the
sum of the 17 PAHs (TPAH17) measured in this study,
is provided in Table 2 for random samples from shal-
low and channelized habitats. There was no significant
difference (α = 0.05) between mean TPAH17 concen-
trations in shallow and channelized habitats. Less vari-
ability in individual PAH concentrations was observed
for channelized sites than for shallow sites. Based on
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Figure 4. Total biotic index score for each site based on the sum of eight individual metric scores used in the ranking process. Single plots
represent mean scores for high-impact and low-impact training sites, plus or minus the 95% confidence interval. Box plots represent the
total metric score distribution and designated categories (low impact, indeterminate, and high impact) for random sites based on training site
values.

the percentage composition of PAH compounds, pery-
lene displayed the greatest standard deviation in shal-
low (21%) and channelized (10%) sites, whereas ace-
naphthene displayed the least variability (0.27% and
0.30%, respectively) in shallow and channelized sites
(Table 2). Perylene, fluoranthene, and pyrene com-
prised the top three PAHs in terms of mean percent-
age composition in shallow and channelized habitat
sites (Table 2). Acenaphthene contributed the lowest
mean percentage of PAHs (0.34% and 0.57%, respec-
tively) in shallow and channelized sites (Table 2). The
mean phenanthrene/anthracene ratios were 3.2 (SD =
1.4) and 3.4 (SD = 0.61), respectively, in random
samples from shallow and channelized habitats. The
mean fluoranthene/pyrene ratios were 1.1 (SD = 0.14)
and 1.2 (SD = 0.13), respectively, in random sam-
ples from shallow and channelized habitats. The LMW
and HMW PAHs comprised 28.3% and 71.7%, respec-
tively, of the sum of the 12 LMW and HMW PAHs
(TPAH12) measured in random samples from shallow
and channelized habitats.

The results of linear regression analyses of chemical
and physical parameters measured in random samples
from shallow and channelized habitats are provided in
Table 3 in descending order of their coefficient of de-
termination (r2) values. The strongest correlations were
generally found for SEM metals. In particular, SEM Zn
accounted for 87% of the variance in SEM lead (r2 =

0.874), whereas SEM copper accounted for 84% of the
variance in SEM Ni (r2 = 0.841; Table 3). The LMW
PAHs accounted for 73% of the variance in HMW
PAHs (Table 3). The strongest regression relationship
for the particle size class of silt (<63 µm) was with
SEM Ni (r2 = 0.688; Table 3). Regression relation-
ships of chemical and physical parameters with TOC
were weak (r2 < 0.31), and regression relationships of
chemical and physical parameters with TPAH12 were
weaker (r2 < 0.22; Table 3). Dry weight concentrations
of TPAH12 were particularly independent of TOC, SEM
Cu and silt (<63 µm; Table 3).

Mean PEC-Qs

Mean PEC-Qs were calculated for each random and
training site (Appendix A). The mean PEC-Q value was
based solely on the mean PEC-Q for reliable metals
at 45 random and 11 training sites. At the other sites
(i.e., 42 random and 9 training sites), the mean PEC-
Qs were based on two classes of chemicals (i.e., metals
and TPAH12). The mean PEC-Q values for two high-
impact training sites (i.e., sites 44 and 102) appeared
to be too low (i.e., 0.29 and 0.0717, respectively) for
these known contaminated areas (i.e., Hog Island Inlet
and USS Superfund site, respectively). Individual PAH
compounds were not measured at these sites in 1995.
When these sites were resampled during June 1996, and
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Table 3. Results of regression analyses of chemical and physical parameters measured in random sites from the lower St. Louis River AOC.

Intercept Slope
Y variable (b0) (b1) X variable r2 value N

SEM Pb −0.73 0.26 SEM Zn 0.874 87
SEM Ni 1.6 0.42 SEM Cu 0.841 87
Hg −0.038 3 SEM Zn 0.827 87
Hg −0.014 0.011 SEM Pb 0.792 87
HMW PAHs 1.4 1.4 LMW PAHs 0.73 42
SEM Ni 1.3 0.096 silt (<63 µm) 0.688 87
SEM Ni 1.3 7.2 SEM Cd 0.66 87
SEM Pb 0.16 1.3 SEM Cu 0.636 87
SEM Zn −2.41 91 SEM Cd 0.635 87
SEM Zn −2.6 10 SEM Ni 0.608 87
SEM Cd 0.17 0.01 silt (<63 µm) 0.598 87
SEM Zn 10 4.5 SEM Cu 0.574 87
SEM Cu 1.7 0.19 silt (<63 µm) 0.546 87
Hg −0.047 0.28 SEM Cd 0.534 87
SEM Pb −1.4 2.6 SEM Ni 0.534 87
SEM Pb −0.93 23 SEM Cd 0.527 87
SEM Cu 1.8 14 SEM Cd 0.517 87
SEM Zn 6.8 1 silt (<63 µm) 0.486 87
Hg −1.9 0.013 SEM Cu 0.439 87
Hg −0.027 0.027 SEM Ni 0.411 87
SEM Pb 2.4 0.24 silt (<63 µm) 0.348 87
Hg −1.2 2.8 silt (<63 µm) 0.327 87
SEM Cd 0.5 0.059 TOC 0.304 87
TPAH12 1.1 0.073 SEM Zn 0.217 42
SEM Cu 8.5 0.9 TOC 0.186 87
SEM Ni 5 0.41 TOC 0.186 87
TPAH12 2.1 0.21 SEM Pb 0.15 42
Mean PAH PEC-Q 0.046 1.6 Mean metal PEC-Q 0.149 42
TPAH12 2.9 17 Hg 0.117 42
SEM Zn 48 4.2 TOC 0.116 87
SEM Pb 11 1.1 TOC 0.107 87
TPAH12 1.6 5.6 SEM Cd 0.0949 42
TPAH12 1.5 0.68 SEM Ni 0.0889 42
TOC 1.7 0.034 silt (<63 µm) 0.0792 87
Hg 0.11 0.011 TOC 0.0756 87
TPAH12 3.4 0.51 TOC 0.0649 42
TPAH12 3 0.21 SEM Cu 0.0511 42
TPAH12 3 0.051 silt (<63 µm) 0.0395 42

Regression Relationships are in the form of Y = b0+ b1(X), with variables defined above; N = number of samples; HMW = high molecular
weight PAHs; LMW = low molecular weight PAHs; PEC-Q = probable effect concentration quotient; SEM = simultaneously extractable
metals; TOC = total organic carbon; TPAH12 = sum of 12 LMW and HMW PAHs.

both SEM metals and PAH compounds were analyzed,
the mean PEC-Qs increased to 0.407 and 26.2 for sites
44 and 102, respectively. Since sediment contamina-
tion can be very heterogeneous at these sites, the 1996
mean PEC-Q values should be considered only as an

approximation of the 1995 mean PEC-Q values. Sites
44 and 102 were further excluded from additional data
analysis involving mean PEC-Qs.

The data set of mean PEC-Q values for the ran-
dom shallow habitat sites and for high-impact training
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Table 4. Summary statistics of mean PEC-Q values for random sites and training sites in the lower St. Louis River AOC.

Mean PEC-Qs

Shallow Channelized Low impact High impact
random sites random sites training sites training sites

Mean 0.18 0.094 0.091 3.9
SD 0.19 0.060 0.071 9.1
Median 0.15 0.077 0.077 0.67
Minimum 0.0095 0.013 0.010 0.33
Maximum 1.0 0.21 0.25 26.4
Skewness 2.6 0.39 1.2 2.8
Kurtosis 9.1 −1.1 1.6 8.0

SD = standard deviation.

sites displayed significant positive skewing, as well
as a significant kurtosis problem (as determined from
the standard errors of skewness and kurtosis; Table 4).
Therefore, it is more appropriate to compare the me-
dian values of these groups rather than mean values
(Brown, 1997). A statistically significant difference
(p = <0.001) was observed among the median values
of groups. The high-impact training sites were statisti-
cally different (p < 0.05) from the low impact training
sites, random channelized habitat sites, and random
shallow habitat sites. The other pairwise comparisons
were not significant.

Based on the random sampling design utilized in
this study, one new area of high (i.e., mean PEC-Q
>0.6) chemical contamination was observed outside
the boundaries of the St. Louis River Interlake/Duluth
Tar Superfund site at sites 71 and 73 (Appendix A).
As a result, site 73 has been included in the remedia-
tion zone for this Superfund site. In addition, sites 69
and 70, further downstream from this Superfund site,
showed a moderate (i.e., mean PEC-Q>0.1 to 0.5) level
of contamination due primarily to PAHs (Appendix
A). All other random sites had mean PEC-Qs <0.4
(Appendix A), indicating a low to moderate level of
contamination.

Toxicity testing

Microtox©R tests: The solid-phase Microtox©R tests
identified 31% of random sites and 55% of training sites
(i.e., 20% of low-impact sites and 90% of high-impact
sites) as toxic. Similarly, the pore water Microtox©R tests
identified 29% of random sites and 50% of training
sites (i.e., 40% of low-impact sites and 60% of high-
impact sites) as toxic. The concordance between toxic
responses observed in both Microtox©R tests was less in

the random (8%) and low-impact training sites (10%)
than in the high-impact training sites (60%). The indi-
vidual sample results for random and training sites are
provided in Appendix A.

Ten-day sediment toxicity tests: The pH ranges were
acceptable in all of the 10 d sediment toxicity tests.
Dissolved oxygen concentrations fell below 40% sat-
uration for at least 1 day in 11% of the H. azteca and
49% of the C. dilutus toxicity tests. Temperature was
less than the recommended range of 23 ±1◦C (US EPA,
1994) for 96% of the 10 d sediment toxicity tests for
at least 1 day of the tests. The mean water tempera-
ture was less than the recommended range of 23 ±1◦C
for 67% of the tests. Conductivity measurements made
on the last two batches of toxicity tests were within
acceptable limits (USEPA, 1994). The 96 h H. azteca
reference toxicant (NaCl) tests were all acceptable with
control survival exceeding 90%, whereas one of the C.
dilutus reference toxicant (NaCl) tests failed the control
survival requirement of ≥90% (USEPA, 1994).

With one exception, all batches of 10 d H. azteca
toxicity tests had acceptable control survival (i.e.,
≥80%), and all batches of 10 d C. dilutus tests had
acceptable control survival (i.e., ≥70%). For the failed
batch of H. azteca tests, seven of the eleven test sam-
ples had mean survival values exceeding 80%. The cor-
responding reference toxicant control survival of these
organisms was also acceptable (i.e., ≥90%). Therefore,
the H. azteca culture appeared to be healthy, although
the data could not be analyzed statistically due to con-
trol failure (i.e., 78% survival). A qualitative data ex-
amination of this batch of toxicity tests indicated that
no test sediments appeared to be toxic.

None of the 52 random samples in shallow and
channelized habitats exhibited significant toxicity to
H. azteca survival (Appendix A). For C. dilutus, two
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random sediment samples (sites 13 and 43) were sig-
nificantly toxic at p = 0.05 (Appendix A). Site 13 was
located in a channel east of the Blatnik Bridge, adjacent
to a cement facility. Site 43 was located at the Hog Is-
land Inlet/Newton Creek area in Superior, WI; this area
is contaminated with diesel range organics (i.e., mid-
range petroleum products such as diesel or fuel oil),
PAHs, oil and grease, lead, chromium, and mercury
(Redman and Janisch, 1995; SEH Inc., 2000, 2003).
The specific cause of toxicity could not be determined
for either site.

Toxicity tests were conducted on 14 training site
sediment samples (Appendix A). For H. azteca, sites
56, 72, 77, and 102 had a significant reduction in mean
survival compared to the corresponding control at p =
0.05. For C. dilutus, sites 44, 56, 72, 99, and 102 had
significant toxicity; all of these sites, except 44, caused
complete mortality of C. dilutus. All of the training sites
which caused significant acute toxicity, except site 77
(Kimballs Bay), were in a priori high-impact areas.

Benthic macroinvertebrate community
classification

Multimetric analysis: Eight of the 21 macroinver-
tebrate metrics provided significant (p < 0.1) differ-
ences between high-impact and low-impact training
sites (Figure 2). These metrics were used to create an
overall biotic score. The metrics included percent abun-
dance values from Ephemeroptera, Oligochaeta, Tri-
choptera, and obligate depositional taxa. Oligochaeta
were the most numerous taxa in both habitat types.
Ephemeroptera, Trichoptera, and obligate deposi-
tional taxa were observed in low densities at high-
impact training sites, where Oligochaeta numbers were
abundant. Since Oligochaeta have been reported to
have high tolerance to contaminants (Breneman and
Pontasch, 1994), the Oligochaeta metric was scored
to reflect those conditions. An increase in Oligochaeta
abundance produced lower ranked scores per site. The
remaining four significant metrics reflected aspects of
species richness with respect to three common behav-
ioral categories (burrowers, clingers, crawlers) and to-
tal taxa richness. All taxa metrics had lower values in
high-impact training sites.

Total multimetric scores at training sites ranged
from 8 to 38, with 40 as a possible total score (Figure 4).
High-impact training sites had significantly lower val-
ues (t-test, p ≤ 0.05) than low-impact training sites.
The random sites had total multimetric scores similar
to the same range of values as observed in the training
site data set. Most random sites (55%) were classified as

low impact by the multimetric approach (Appendix A).
Thirty-six percent of the random sites were classified as
high impact, and 9% were classified as indeterminate
(Appendix A). A larger portion (48%) of the random
channelized habitat sites were classified as high impact
than the random shallow habitat sites (25%).

Discriminant function analysis: Backwards selec-
tion techniques retained 16 of 18 benthic metrics in
the discriminant function analysis for the training sites.
The two metrics eliminated from the model included
Diptera abundance and those taxa associated with only
depositional habitats. Using the retained metrics, there
was a significant difference between high-impact and
low-impact training sites (MANOVA F = 113.17, p =
0.0012). The 16 metric discriminant function classified
the training sites perfectly (cross validated error rate =
0%).

A larger proportion of the random sites were classi-
fied as high impact with the discriminant analysis tech-
nique. The discriminant function classified 48 (55%)
of the random sites as high impact and 39 (45%) as low
impact (Appendix A). A larger proportion (69%) of the
random channelized sites were classified as high impact
than were the random shallow sites (48%). All random
sites were classified with greater than 98% probability;
therefore, no sites were classified into the indeterminate
category.

Comparison of techniques: The multimetric tech-
nique classified the random sites as follows: 36% high
impact, 55% low impact and 9% as indeterminate. In
comparison, 55% of random sites were classified as
high impact using the discriminant function analysis
and 45% of sites as low impact. Of the 31 random sites
classified as high impact by the multimetric technique,
22 sites (71%) were similarly classified as high impact
in the discriminant function analysis (Appendix A). In
addition, the multimetric method classified 48 random
sites as low impact that included 28 sites (58%) simi-
larly classified by the discriminant function procedure.

Classifications were also compared with respect to
the location of sites along the length of the St. Louis
River estuary (Figure 1). Both methods generally clas-
sified more sites in the upper estuary as low impact and
a larger portion of the lower estuary sites as high im-
pact (Figure 5). This dichotomy was strongest, however,
with the multimetric method which classified very few
of the upper sites (4%) as high impact. In contrast, over
40% of the sites in the upper estuary were classified as
high impact by the multivariate procedure. The discrim-
inant function analysis, however, classified over 50% of
the sites as high impact in all regions. Both techniques
identified an increase in the number of sites classified as
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Figure 5. Distribution of the multimetric and multivariate site categories (Discriminant function analysis (DFA) and multi-metric biotic
index (MBI)) by region within the St. Louis River Area of Concern (AOC). Sample areas are designated in the schematic diagram on
Figure 1. Habitat areas include; 3) St. Louis River, 4) Spirit Lake, 5) Duluth/Superior Harbor, 6) Superior Bay, and 7) Allouez Bay.

low impact in the Allouez Bay region (Figure 1). This
sheltered bay encompasses the area east of the Nemadji
River entrance into Superior Bay and the Superior en-
trance to Lake Superior. Allouez Bay is an example of
a pulse-stable wetland community; the seiche causes
pulses of water and sediment to move in and out of the
bay, helping to prevent the wetlands from filling in with
sediment (St. Louis River CAC, 2002). This bay in-
cludes some of the highest quality remaining wetlands
in the lower estuary (St. Louis River CAC, 2002), and
it has been shown to possess a similar benthic com-
munity structure as the upper reaches of the St. Louis
River AOC (Breneman et al., 2000).

There were also differences in percent classification
when comparing random samples collected from shal-
low and channelized habitats. Shallow habitats received
71% and 51% low impact classifications by the multi-
metric and discriminant function analysis techniques,
respectively. Channelized habitats were classified as
high impact at 62% and 69% of the sites by the multi-
metric and discriminant function analysis techniques,
respectively. Based on the multimetric category, 7% of
shallow habitat sites and 14% of channelized habitat
sites were classified as indeterminate.

Comparison of mean PEC-Q, toxicity,
and benthic indicators

Mean PEC-Qs have been found to be predictive
of sediment toxicity in the St. Louis River AOC,

based on a compilation of matching sediment chem-
istry and toxicity data that have been incorporated into
a MicrosoftTM Access database (Crane et al., 2002a).
The predictive ability of six ranges of mean PEC-Qs
for the Microtox©R, amphipod, and midge toxicity tests
from this study are shown in Table 5. This table included
data from both random and training sites. In addition,
the incidence of high-impact sites, determined by the
two benthic community classification techniques, was
assessed for the same range of mean PEC-Qs (Table 5).
These assessments were most appropriate for the two
lowest mean PEC-Q ranges (≤0.1 and >0.1 to ≤0.5)
because the minimum data requirements (20 samples;
CCME, 1995) were met. Any comparisons of the next
three higher mean PEC-Q ranges should be made with
caution due to the small number of samples in each
range. These three ranges were also compressed into
one mean PEC-Q range of >0.5 to provide a greater
number of samples for evaluating qualitative trends in
the incidence of toxicity and incidence of high-impact
sites.

For all toxicity tests, the incidence of toxicity in-
creased as the mean PEC-Q range increased from ≤0.1,
>0.1 to ≤0.5, and >0.5 (Table 5). Pore water and solid-
phase Microtox©R tests, when considered separately,
showed a higher incidence of toxicity than the amphi-
pod and midge toxicity tests. When the Microtox©R tests
were considered together, the incidence of toxicity in
tests that were both toxic was lower and was within 4%
of the incidence of toxicity for the amphipod and midge
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toxicity tests at mean PEC-Q ranges of ≤0.1 and >0.5
and within 14% at the mean PEC-Q range of >0.1 to
≤0.5. Of the 14 random and training sites that had sig-
nificant toxic responses in both Microtox©R tests, 50%
of these sites were also toxic in either one or both of
the corresponding amphipod and midge toxicity tests.

For the discriminant function analysis technique,
the incidence of high-impact sites increased as the
mean PEC-Q range increased from ≤0.1, >0.1 to
≤0.5, and >0.5 (Table 5). The multimetric classifica-
tion showed a higher incidence of high-impact sites at
mean PEC-Qs of ≤0.1 than at >0.1 to ≤0.5, followed
by an increase in high impact sites at mean PEC-Qs
>0.5. When both benthic indices were considered
together, the incidence of high-impact sites in both
indices decreased for most mean PEC-Q ranges
compared to the individual indices.

Discussion

This study provided a good comparison of sediment
assessment techniques within a Great Lakes Harbor and
Embayment resource class and also provided a means
for assessing the status of this resource utilizing the US
EPA’s EMAP statistical sampling concepts. The vari-
ous assessment techniques used in this study provided
some generalities in trends and results but also showed
distinct differences in the nature of their response to
environmental conditions. These differences are useful
for assessing condition and evaluating their potential
for future trend and assessment monitoring.

Estuarine benthic fauna can provide a reliable and
sensitive indicator of disturbance from chemical stres-
sors at exposure levels that are well below those as-
sociated with a similar incidence of sediment toxicity
in laboratory survival tests with single marine species
(Hyland et al., 1999, 2003). In the St. Louis River
AOC, the macroinvertebrate community appeared to
be more sensitive to physical disturbances of the re-
gion than the acute toxicity tests at low mean PEC-Qs.
Breneman et al. (2000) found that the strongest en-
vironmental factors influencing macrobenthos in the
St. Louis River AOC were physical parameters. These
physical variables were water depth and site distance
from the headwaters (Breneman et al., 2000). When
considering both benthic indices together, the classifi-
cation of more high-impact sites in channelized habi-
tats (48%) than shallow habitats (14%) and greater
proportion of high-impact sites in the lower regions
of the harbor with commercial activity are consistent
with those observations. The navigation channels in the
Duluth-Superior Harbor must be periodically dredged

to maintain a 27-foot depth. Prop wash from ship traf-
fic frequently resuspends sediments in the channels. In
addition, other factors such as wave-induced resuspen-
sion of sediments and ice scour contribute to physical
disturbances of sediments in the harbor area. Benthic
macroinvertebrates may be the best indicator of phys-
ical disturbance for restoration efforts in the Duluth-
Superior Harbor.

Both macrobenthic classification techniques indi-
cated a higher proportion of random sites were classi-
fied as high impact in the lower sections of the AOC.
However, the multimetric classification technique ex-
hibited this trend most often. The multimetric tech-
nique classified 0 and 5.6% of sites in the upper two
sections of the study region as high impact (Spirit Lake
area and upper St. Louis River sections, Figure 5) and
a much larger proportion (44% to 58%) of sites in the
lower sections (downstream from Spirit Lake including
the harbor and Allouez Bay) as high impact. The dis-
criminant function analysis technique classified over
50% of sites as high impact in all areas but with some
increase (50 to 77%) in the lowermost sections. In terms
of their abilities to correctly classify the training sites,
the discriminant analysis function technique correctly
classified 100%, while the multimetric technique clas-
sified 70% as correct.

Discrepancies in the two techniques undoubtedly lie
in the inherent differences in the manner in which mac-
robenthic community data were manipulated. The mul-
timetric technique eliminated individual metrics that
were unable to discriminate between the high impact
and low impact training sites. The remaining metrics
were equally weighted when aggregating to a site score.
This technique in effect emphasizes the greatest differ-
ences between the high-impact and low-impact sites,
but at the same time allows less influence by individual
metrics. Thus, more subtle, but less distinct differences
among the training sites that may have been present in
the variables are eliminated from analysis. The less rig-
orous criterion for variable inclusion in the discriminant
function analysis technique, and the ability of this tech-
nique to weight the importance of individual metrics
based on their ability to differentiate among the train-
ing sites, resulted in a more precise classification of the
training sites. However, due to its inherent sensitivity,
the discriminant function analysis technique is more
sensitive to the a priori selection of training sites than
the more robust multimetric method. Without extensive
sediment quality databases to work from, future stud-
ies in Great Lakes embayments may utilize multimet-
ric approaches as an effective means for establishing
sediment condition. However, the definition of training
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sites needs to be clearly delineated. The eight macroin-
vertebrate metrics utilized in this study may provide
robust indicators in other Great Lakes embayments.
However, their utility should be evaluated in other
areas.

Polycyclic aromatic hydrocarbons are widespread
chemicals of potential concern in the lower St. Louis
River estuary. The percentage compositions of LMW
and HMW PAHs in the random site samples of this
study were similar to site-specific observations in both
Minnesota Slip and Slip C in the Duluth Harbor (Crane
et al., 2002b). The mean phenanthrene/anthracene and
fluoranthene/pyrene ratios were indicative of pyro-
genic (combustion) sources of PAHs to the estuary
(i.e., phenanthrene/anthracene ratio <10 and fluoran-
thene/pyrene ratio >1.0; Budzinski et al., 1997). The
high percentage composition of perylene in some sed-
iment samples may be due to other sources. The pres-
ence of perylene in sediments has often been attributed
to early diagenesis of organic matter (Wakeham et al.,
1980a; Venkatesan, 1988). Recent radiocarbon results
indicate that both natural (diagenetic) and anthro-
pogenic (fossil fuel combustion) sources of perylene
were evident in two marine sediments (Reddy et al.,
2002). The high mean fluoranthene and pyrene con-
centrations in the random samples from shallow and
channelized habitats were consistent with these com-
pounds being the most abundant individual combus-
tion PAHs observed in sediments from the Washington
coastal region (Prahl and Carpenter, 1984) and through-
out the world (Laflamme and Hites, 1978; Wakeham
et al., 1980b).

The lack of correlations between TPAH12 and ei-
ther TOC or silt (<63 µm) in the random site sedi-
ments may be due to multiple sources of PAHs in the
lower St. Louis River watershed and to a broad range
(0.02–19.2%) of TOC values in the lower estuary. In
contrast, a site-specific study at Slip C in the Duluth
Harbor (Crane, 1999) demonstrated strong correlations
between total PAHs and TOC, as well as silt (53–2 µm).
Mercury and SEM metals accounted for less than 22%
of the variance in TPAH12 in the random site sam-
ples of this study, whereas mercury and lead have been
found to account for 77 and 88%, respectively, of the
variance in total PAHs in Slip C (Crane, 1999). Thus,
the broad, random sampling strategy of this R-EMAP
study may mask out chemical concentration trends at
small, contaminated sites that have limited sources of
contaminants.

Although the EMAP sampling design is unbiased
with respect to space, it may be biased with respect to
risk (Suter, 2001). Sampling randomly over space tends

to emphasize the importance of wide-spread stressors
such as introduced species and land use and minimize
potentially severe stressors such as point source efflu-
ents, waste dumping, gravel dredging, mine drainage,
or failures of mine or animal waste lagoons (Suter,
2001). A number of known contaminated sediment ar-
eas in the Duluth-Superior Harbor were missed in the
selection of random sites, indicating a combination of
random and purposive sampling should be conducted
in future status and trends monitoring to characterize
the full range of aquatic ecological risks in the har-
bor and the rest of the St. Louis River AOC. A mixed
strategy of random and purposive sampling will also
allow state agencies, responsible parties, Natural Re-
source Trustees (including federal partners), the St.
Louis River Citizens Action Committee (CAC), and
other stakeholders to more effectively track changes in
sediment quality after remediation actions and habi-
tat restoration efforts have been implemented at sites
requiring remediation.

Survival was the principal metric for the short-term
amphipod and midge toxicity tests. The chronic 28 to
42 d H. azteca toxicity test is more sensitive than ei-
ther the 10 d amphipod or midge tests (Ingersoll et al.,
2001), and its use would reduce the potential for false
negatives at low mean PEC-Qs. Because longer-term
toxicity tests provide the most effective mean of dis-
criminating among moderately contaminated sediment
samples and because in situ benthic macroinvertebrates
are exposed to contaminated sediments for an extended
period, it would be prudent in future R-EMAP studies
to evaluate sediment toxicity using the 28 to 42 d H.
azteca test (endpoints: survival and growth) in sedi-
ments with mean PEC-Qs <5.0. However, it would be
more cost-effective to utilize acute toxicity tests to char-
acterize the toxicity of highly contaminated sediments
(i.e., mean PEC-Qs ≥5.0).

Although the combined use of the pore water and
solid phase Microtox©R tests provided a better indi-
cator of acute sediment toxicity than the individual
Microtox©R tests, it still greatly overestimated the occur-
rence of acute toxicity in concurrent random samples
(Appendix A). Only 14% of the random sites in which
toxic responses were observed in both Microtox©R tests
also exhibited corresponding toxicity in either the 10 d
H. azteca or C. dilutus tests. However, the combination
of both Microtox©R tests was a strong indicator of sed-
iment toxicity in the high impact training sites where
toxic responses in both Microtox©R tests corresponded
to 83% of these sites also exhibiting toxicity in either
acute toxicity test (Appendix A). In particular, sites
56, 72, and 102 displayed toxicity in both Microtox©R
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tests and both acute toxicity tests. Site 56 was located
near the outfall of the Western Lake Superior Sani-
tary District, site 72 was located within the St. Louis
River Interlake/Duluth Tar Superfund site, and site 102
was located within the USS Superfund site. Significant
acute toxicity to C. dilutus has been observed at each
of these contaminated sites during previous sediment
investigations (Crane et al., 1997; Schubauer-Berigan
and Crane, 1997).

Benton et al. (1995) noted that extreme caution
should be taken in interpreting the results of solid-phase
Microtox©R tests when testing sediments of varying
composition or that may be differentially contaminated
or contain a suite of contaminants. Pardos et al. (1999)
demonstrated the role of elemental sulfur in giving false
positive toxicity results in the Microtox©R bioassay. Al-
though elemental sulfur was not measured in sediments
from the St. Louis River AOC, sulfide may be oxidized
to elemental sulfur by bacteria in sediments. The most
labile fraction of sulfides in sediments is represented
by AVS, and AVS is associated with the more solu-
ble iron and manganese monosulfides (Di Toro et al.,
1990). Acid volatile sulfide was detected in 78% of the
random sites and 95% of the training sites. Due to the
potential for a majority of these sites to form elemental
sulfur, interpretation of the pore water and solid phase
Microtox©R tests is difficult.

A more complete assessment of sediment quality
in the lower St. Louis River AOC was attained using a
weight-of-evidence approach of several sediment qual-
ity indicators. A sediment quality triad assessment was
conducted for 52 random sites that included all three
components of the Triad (i.e., sediment chemistry, 10 d
sediment toxicity tests with midges and amphipods,
and benthic macroinvertebrate community structure).
Possible conclusions of the triad results were based on
Chapman (1992). For 21% of these sites, there was
strong evidence for the absence of pollution-induced
degradation (Table 6). For 71% of sites, alteration of the
benthic macroinvertebrate community was probably
not due to toxic chemical contamination (Table 6). Each
of the following scenarios applied to about 2% of sites:
contaminants were not bioavailable, unmeasured toxic
chemicals caused degradation, chemicals were either
not bioavailable or alteration of the benthic macroin-
vertebrate community was not due to toxic chemi-
cals, and unmeasured chemicals or conditions existed
that had the potential to cause degradation. These re-
sults were consistent with Breneman et al.’s (2000)
finding that physical habitat features best explained
variability in benthic macroinvertebrate community
structure in the lower St. Louis River AOC based on

multivariate redundancy analysis on 13 environmental
parameters.

The potential for sediment-associated use impair-
ments to aquatic life (e.g., fish) at the random Triad
sites was as follows: highly unlikely (21%), unlikely
(73%), and likely (6%; Table 6). Channelized habi-
tat sites were more unlikely (94%) to cause impair-
ments to aquatic life than shallow habitat sites (64%).
These findings are consistent with field observations
in the lower St. Louis River AOC. Native fish popula-
tions have rebounded since water quality in the estuary
began to improve in the late 1970s (St. Louis River
CAC, 2002). Approximately 45 native species have
been documented by state agencies in the lower St.
Louis River. Piscivorous species such as yellow perch,
white bass, muskie, walleye and northern pike con-
tribute to a popular sport fishery in this area. Although
the Triad approach does not indicate a high degree of
impairments to aquatic life, this approach does not con-
sider bioaccumulation. Fish consumption guidelines
for human health are currently in effect for a num-
ber of fish species in the lower estuary, primarily due
to mercury contamination (MDH, 2002). In addition,
chronic impacts to aquatic life were not assessed in this
study.

We recommend that the Triad approach be used in
future R-EMAP surveys of the lower St. Louis River
AOC. Furthermore, we recommend measuring con-
ventional metals instead of SEM and AVS for mak-
ing comparisons to the Level I and Level II SQTs
(Crane et al., 2000, 2002a). Long et al. (1998) noted that
relative to SEM:AVS concentrations, sediment guide-
lines based upon dry weight-normalized concentra-
tions were equally or slightly more accurate in predict-
ing both nontoxic and toxic results in laboratory tests.
When SEM exceeds AVS by a factor of 5 (on a mo-
lar basis), a higher incidence of toxicity (80 to 90%)
has been observed in freshwater and saltwater sedi-
ment amphipod tests (USEPA, 1997). This situation did
not occur in the St. Louis River sediments (Appendix
A). Most sites that were toxic to amphipods and/or
midges had a greater concentration of AVS compared
to SEM metals, implying that SEM metals were prob-
ably not available for uptake by benthic biota. Morse
and Rickard (2004) noted that AVS is metastable and
as the AVS minerals dissolve, any metals sequestered
with them also dissolve and the final trace metal toxic-
ity is determined by their behavior with respect to pyrite
rather than AVS. Thus, the toxicity of these samples ap-
pears to be due to other chemicals such as PAHs. Future
R-EMAP surveys should also take into consideration
the potential for phototoxicity of PAHs (Monson et al.,
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1995; Diamond et al., 2003) in shallow areas and that
sequestration in sediments affects the bioavailability of
hydrophobic organic chemicals to benthic organisms
(Kraaij et al., 2002; Ghosh et al., 2003).

This study has demonstrated that the US EPA’s
EMAP concepts can be effectively applied to the Great
Lakes Harbors and Embayments resource class. Ad-
ditional sediment quality indicators that could be ap-
plied at other Great Lakes sites are given in Crane et al.
(2000). Although R-EMAP studies are resource inten-
sive, they are vital for tracking the health of harbors and
embayments over time. This type of information is es-
pecially important for reaching decisions on whether
sediment-related impairments at Great Lakes AOCs
have been alleviated enough to contribute to the delist-
ing of AOCs.
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